Time-series studies have reported trophic cascades in land, freshwater and marine environments in many geographic areas. However, the spatial extent of habitats, a key metric of ecosystem structure, has not been mapped in these studies. Marine reserves can provide experimental, before-after and inside-outside (control-impacted), situations for assessing the impact of fishing on ecosystems. We mapped seabed habitats and their associated communities (biotopes) in New Zealand's oldest marine reserve for comparison with pre-reserve maps created about 30 years previously.
Introduction
Marine reserves, or no-take Marine Protected Areas, can be considered experimental controls for human impacts, particularly commercial and recreational fisheries (Hughes et al., 2005; Russ and Alcala, 1998; Salomon et al., 2008; Steneck 1997 Steneck , 1998 Tegner and Dayton 2000; Tetreault and Ambrose, 2007) . Thus, it is not surprising that one of the first differences found between no-take marine reserves and outside areas is an increase in abundance and size of the fished species in the reserves (e.g. Claudet et al., 2008; Edgar and Stuart-Smith, 2009; Halpern 2003; Jones et al., 1993; Molloy et al., 2009) . Often, these species are high-trophic level predators, such that changes in their abundance may have consequences for ecosystem structure through the -trophic cascade‖ effect. Loss of biogenic habitat, one metric of ecosystem structure, will result in significant changes in the composition and abundance of associated species; for example for deep-sea coral and seagrass (Phil et al., 2006) habitats. However, reviews have not looked at habitat differences inside and outside MPA (e.g. Lester et al., 2009; Molloy et al., 2009; Stewart et al., 2009) , because of the lack of habitat maps.
Sampling of benthic habitats must be stratified by the dominant -biotopes‖ present (Costello and Emblow 2005; Costello 2006; Harborne et al., 2008a) , a term used to describe the combination of a distinct physical habitat and its dominant assemblage of species. Random sampling, without such stratification of benthic habitats, may overlook ecologically important biotopes that are small in area, or waste resources in collecting more samples than necessary in other habitats. Thus researchers typically stratify sampling to a particular habitat. The significance of their observations on species composition or abundance at the ecosystem level cannot be quantified unless they also map the extent of that habitat (Jones et al., 1993) . For example, their samples may show no change in species composition or density while the biotope is decreasing in area, such as if sea urchins grazed a seaweed bed from its margins.
Subtidal reef communities in New Zealand are typical of most temperate areas in that they are dominated by large brown algae (Schiel, 1990) , and sea urchins are a conspicuous component of many reefs, particularly in the north (Choat and Schiel, 1982; Schiel and Hickford, 2001 ). In the north east of New Zealand, grazing by the common sea urchin Evechinus chloroticus (Valenciennes, 1846 ) is important in influencing seaweed cover on reefs (Andrew and Choat, 1982; Shears and Babcock, 2002) . When urchins are abundant, the rocks are grazed bare or are covered by crustose coralline algae. Such biotopes have a distinct community as they benefit grazing resistant plants and other grazers, such as crustose coralline algae and limpets (Fletcher, 1987) .
Previous studies and ecological monitoring in the present study area investigated species abundance using quadrats, transects and baited underwater video (BUV) (e.g. Babcock et al., 1999; Babcock, 2004a, 2004b) . These studies suggested that the increase in predatory snapper Pagrus auratus (Forster, 1801) (Sparidae), blue cod Parapercis colias (Forster, 1801) (Pinguipedidae), and spiny or rock lobster Jasus edwardsii (Hutton, 1875) (Palinuridae) had led to the recovery of kelp forest through reduced grazing by sea urchins (Shears and Babcock, 2002) . Experiments have shown similar predator control of urchins in the north-east Pacific (Estes and Duggins, 1995) , Mediterranean (Guidetti et al., 2004) , Tasmania (Pedersen and Johnson, 2006; and Western Australia (Cook and Vanderklift, 2011) . However, a comparison with the pre-reserve situation (Ayling, 1978; Ayling et al., 1981) was necessary to determine if habitat change had occurred (Parsons et al., 2004) . Parsons et al. (2004) thus mapped a small area in the centre of the reserve at a fine spatial resolution, but found that the area occupied by kelp had not changed, although its distribution may have become shallower, and the Urchin Barrens had been replaced by nonkelp seaweed communities. These studies and others led Langlois and Ballantine (2005) to propose four stages in the recovery of the present, and other marine reserves in north-eastern New Zealand, from fishing; namely responses by (1) top predators, (2) their prey, (3) biogenic habitat, and (4) that habitat associated fauna. In the present study area, these four stages in the recovery of benthic ecosystems from fishing were demonstrated by (1) the increase in abundance of snapper, blue cod, and lobster after 10 years, (2) increased predation on prey leading to decreased abundance of sea urchins on rocks and bivalves in sediments after 16 years, and (3) increased cover of macro-algae on rocks after 26 years. However, stage (3) had not been quantified by mapping and stage (4) remained unassessed.
In this study, we quantified the area occupied by benthic habitats before and after creation of New Zealand's first no-take Marine Reserve, and inside and outside the reserve at both times. Thus we conducted a Before-After Control-Impact (BACI) comparison with the reserve as the control for fishing impacts. We review studies on benthic productivity to assess whether the fourth stage in ecosystem recovery from fishing proposed by Langlois and Ballantine (2005) has occurred. The importance of habitat maps in monitoring ecosystem change, and lessons for assessing ecosystem stability under fishing pressure, are discussed.
Study area and methods
In the present study area, a no-take marine reserve in north-eastern New Zealand, scientific opinion was initially that the patchy nature of Urchin Barrens reflected recruitment variation and micro-habitat suitability, and that predators could not control sea urchins because small urchins find refuge in crevices, rock pools, gravel and under rocks (Andrews and Choat, 1982, 1985; Choat and Schiel, 1982; Shears and Babcock, 2007) . The apparent lack of Urchin Barrens further south in New Zealand had been attributed to lower urchin abundance (Schiel, 1990) , but recent surveys have found barrens throughout New Zealand (Shears and Babcock, 2007) . A decade after the reserve was established, Cole et al. (1990) found increases in the abundance of large fish and spiny lobster, but no change in urchin abundance. Lobster size and abundance has remained at these levels since then (Pande et al., 2008) . In 2004, lobster numbers and average size reached an all time high inside but numbers outside remained the same as before (15 versus 1 lobster per 500m 2 , 70% ≥ 95mm carapace length versus 46%, Haggitt and Kelly, 2004) . Scientific opinions were still that the lobsters were unlikely to control urchin abundance due to different micro-habitat preferences (Andrew and MacDiarmid, 1991) . Indeed, urchin abundance and the presence of barrens does vary in relation to environmental conditions such as depth and wave exposure . By 1994, urchin abundance had decreased in the reserve and the occurrence of a trophic cascade was proposed (Cole and Keuskamp, 1998) . That it took over a decade for urchin abundance to decrease may be because larger urchins escape predation and may live up to 10 years with a low natural mortality (Ebert and Southon, 2003) . Quantifying the trend in predator and urchin abundance in the reserve is compromised by the lack of standardised monitoring until recent years. However, it appears that lobster abundance increased rapidly, within 4 years, urchins decreased after 12 years, and kelp increased after 15 years (Babcock et al., 2010; Salomon et al., 2009) . At least since 1997, snapper, blue cod and red moki (Cheilodactylus spectabilis) are larger and more abundant inside the reserve than outside, although fish smaller than the legal size are similarly abundant (Taylor et al., 2005) . Emblow, 2005) . Small habitat patches, and microhabitats, will thus occur within the habitat areas mapped. All depths are reported as metres below Chart Datum. Species nomenclature follows the World Register of Marine Species (Appeltans et al., 2009 ). The biotope map was built up from a greater variety of survey methods than in the first study so as to improve accuracy and take less time (Appendix Figure A1 ). Thus we took aerial photographs and used side-scan sonar to define habitat boundaries, and underwater video and a diver towed on a manta board to save on scuba diving time. Habitats were classified based on previous studies of the area (Ayling, 1978; Ayling et al., 1981; Parsons et al., 2004; Shears et al., 2004) to ensure comparability between maps (Table 1) .
To test the accuracy of the map, habitat data from 67 locations were obtained from two independent studies. A drop-down video sampled forty-two 1 m 2 benthic images inside and outside the reserve, and 25 observations were recorded by scuba in August 2006. A 10 m radius was used around each sampled location to account for positioning errors. If the expected habitat was present in the 10 m zone, the map was considered 100 % accurate. Map accuracy was determined by combining data on how the (a) map matched the field samples, and (b) field samples matched the map; methods termed -user‖ and -producer‖ accuracy (Congalton and Green, 1999) . These tests found that the overall accuracy of the map was 86.6% (Table 2) . Accuracy was high for the largest habitats, kelp forest (97 %) and sand (92 %), and the algal turf (80-100%), but still over 50% for the smaller habitats ( Table 2 ). The new habitat map was compared to that of Ayling et al. (1981) , which was digitised using Arc GIS 9 (ESRI 1999). The western reserve boundary, indicated by Department of Conservation Boundary Markers, is 200 m inside the legal reserve boundary. The reserve was divided into five zones, each of about 1 km width, labelled A, B, C, D and E (Figure 2) . Outside of the reserve, the zones X 1 (West) and Y 1 (East) refer to areas mapped in 1975-77 and the additional zones X 2 and Y 2 were mapped during the present study. The maps are available in png, pdf, and GIS compatible formats as an online Appendix 2 to this paper and from Remy-Zephir et al. (2012) .
Results
Our 2006 measures of the area of reserve and its zones were within 1 % of the baseline survey; i.e. 485 ha compared to 480 ha previously. Differences in the area of rock and sediment (largely sand) between surveys were also insignificant ( Figure 3 ). Biotopes showed zonation with depth, namely:
(1) with mixed algae, Carpophyllum and algal turf in 0-10 m;
(2) Urchin Barrens in 3 -7 m depth; The area of kelp forest within the reserve in 2006 (60 % of rock area) was 49 hectares, more than twice that 30 years previously (28 %) (Figure 4 ). In comparison, the area of Urchin Barren within the reserve had declined from 31 % (42 hectares) to 1 %, and of crustose coralline habitat from 25 to 3 %. Areas of shallow broken rock, classified as Carpophyllum zone and mixed algae for the 2006 map, increased from 5 to 17 %, and algal turf from 5 to 8%. The area of Sponge Garden (5 to 4 %), Deep Reef (4 to 5 %), and sand and gravel on rock (3 %), did not change significantly. Combined, the bare rock habitats declined from 56 to 4 %, whereas seaweed dominated habitat increased from 38 to 77 %.
Outside and west of the reserve, the algal turf increased by 18 % while the Urchin Barren decreased by 13 %, and the kelp forest decreased from 31 % to 26 % (Figure 4 ). To the east of the reserve, the absence of shallow habitats on the baseline map did not provide enough data for a good comparison. In deeper water, we found decreased kelp forest and Deep Reef of 8 % and 3 % respectively.
In each zone of the reserve, the kelp forest, and to a lesser extent other seaweed biotopes, showed the greatest increase since the creation of the reserve (Tables 3 and 4 ). In 1977, the ratio of kelp forest to Urchin Barren in the reserve was near to 1. At the time of the present study, the kelp forest covered 75 times more of the hard substratum than Urchin Barren inside the whole reserve. In three zones within the reserve (A, C and D), no Urchin Barren areas were recorded in 2006. In zones B and E, the Urchin Barren areas were sparse and patchy. Outside of the reserve, to the west, the ratio of kelp forest to Urchin Barren was 1.2 in the baseline surveys, and remained around 1 at the time of the present study. Urchin barren was more extensive in zone X 2 than the Ecklonia forest (0.1). To the east, the coverage in kelp forest was still relatively high in Y 1 (14.6%) but much lower in Y 2 (2.7%) (Figure 4 ). Urchin barren was not mapped in 1975-77 for these areas. The central zones C and D showed most change. Thus there was a gradient in the replacement of Urchin Barrens by kelp from the centre of the reserve outwards. Inside the reserve, 72 % of the Urchin Barren was replaced by kelp forest, 8 % by alga turf, and 7 % by mixed algae (Table 3 ). Outside and west of the reserve, 57 % of the Urchin Barren was replaced by algal turf, while 16 % remained Urchin Barren.
Taylor (1998) and Cowles et al. (2009) calculated the invertebrate density, biomass and productivity in the biotopes in the study area (Table 5 ). Taylor sampled all fauna > retained by a 0.5 mm sieve but Cowles et al. excluded those > 8 mm. In Taylor (1998) , about 60% of the biomass on Urchin Barrens was due to urchins, and 26% grazing gastropod molluscs. These studies indicate that even when the > 8 mm size fauna, notably urchins, is excluded, the urchin barrens had lower density, biomass and productivity than the algal biotopes (Table 5) .
Discussion
The most ecologically significant changes in habitat within the reserve were the almost total replacement of the -Urchin Barren‖ by -kelp forest‖, and to a lesser extent, other macro-algae. This resulted in a doubling of the area dominated by kelp forest, and a gradient of this effect from the centre of the reserve to the edges along the coast. The present study provides spatial data that supports the return of a natural trophic cascade in this ecosystem as proposed by Cole and Keuskamp (1998) .
Spatial gradients in habitat
The density and size of predators of sea urchins has been found to be considerably higher in the centre of the reserve than the zones close to the boundaries and in adjacent fished areas (Kelly et al., 2000; Willis et al., 2000 Willis et al., , 2003 . Previous studies and our observations of fishing activity indicate high fishing pressure at the reserve boundaries may increase the contrast between trophic cascade effects within and immediately outside the reserve. However, the present study shows that the area of reef habitat shows a similar gradient. Habitat area may influence the abundance, composition and richness of reef associated species, including kelp, snapper, lobster and urchins. This may be because a larger area provides for better recruitment, more refugia from predators, a more diverse range of prey, or that a larger population size provides resilience against environmental and ecological pressures. Further mapping of habitats outside and inside marine reserves is necessary to determine whether area affects, or is neutral to, the trophic cascade. Parsons et al. (2004) found Urchin Barren in the reserve centre had been replaced by alga turf. The present study found that this area was now dominated by kelp, and that Urchin Barren was being replaced by algal turf in the west of the reserve; i.e. it had replaced 30 % of the Urchin Barren in zone A, and 57 % outside the reserve to the west. The algal turf was replacing Urchin Barren in the area X 2 outside the signposted reserve but inside the official reserve boundary (Figure 4 ). This turf is dominated by the calcareous alga Corallina officinalis, a species likely to be more tolerant of grazing than the larger brown algae, suggesting this algal turf assemblage can be intermediate between Urchin Barren and kelp. Urchin-removal experiments have shown that a first response to a reduction in grazing pressure was an increase in the cover of this coralline turf (Shears and Babcock, 2002) .
Change in biotopes over time
In the present study, there were no significant changes in the area of rock and sediment. Furthermore, the deeper habitats (-Deep Reef‖ and -Sponge flat‖) do not seem to have changed since 1977. Similarly, long term monitoring of the rocky intertidal epifauna and epiflora in the centre of the reserve has not shown any trends associated with the reserve duration (Ballantine W. pers. comm.) , and recent surveys of the intertidal (Costello, Unpublished results) indicate the habitats and communities there were similar to when surveyed in the 1970's. It thus appears that the change in biotopes to date has been restricted to the visually conspicuous habitats on shallow rocky reefs. However, changes to species densities may also have occured within other habitats due to the restoration of the food web. For example, in the sand adjacent to the reef of the present study area, there was a decreased abundance of large bivalves and heart urchins due to predation by lobsters, but no effect on smaller invertebrates (Langlois et al., , 2006 . Thus, less visually conspicuous communities not sampled in our study may also have changed in response to the cessation of fishing in the reserve.
Fish and lobsters
Fishing effort on the reserve boundary for both fish and lobsters would reduce predator abundance outside the reserve. However, it may not be expected to result in the Urchin Barren and macroalga habitats being distinct over a few metres at the reserve boundary (Figure 4 ). This may reflect predator behaviour, either that the boundaries of the reserve are coincident with their foraging territories, that they learn from the capture of con-specifics outside the boundary that it is an area to avoid, and/or that they feel safer closer to the increased number of conspecifics in the reserve. At least spiny lobsters may use chemoreception from conspecifics to avoid fished areas and move into unfished areas (Eggleston and Parsons, 2008) . Prey can also show predator avoidance behaviour, as found for sea urchins in the presence of spiny lobsters (Matassa, 2010) . Regardless of predator behaviour, snapper are resident to areas within a few hundred metres in the study area for at least several years (Egli and Babcock, 2004; Parsons et al., 2003 Parsons et al., , 2010 Willis et al., 2001) . Similarly, 95 % of tagged lobster (Jasus edwardsii) in a study in Tasmania moved less than 400 m over two years ), and they have been found to be similarly resident in the reserve studied here and elsewhere in New Zealand for at least a year (Freeman et al., 2009; Kelly and MacDiarmid, 2003) . Evidence for a behavioural response of predators in relation to marine reserves occurred at nearby marine reserves, where the targeted fish populations increased in abundance and maximum size more rapidly than could be explained by individual growth within the reserve area Denny et al., 2004) . Studies on fish behaviour and movement are required to explain these observations. In contrast, regional fish stocks may not recover from fishing for over 15 years, because population increase requires success in spawning, egg and larva survival, and juvenile growth to adulthood (Hutchings, 2000) . The increased recreational angling and lobster fishing pressure, that occurs on the reserve boundary, will also increase the contrast between fished species abundance inside and outside the reserve. However, the gradient of reef area will also influence fish abundance, and perhaps behaviour if larger reef areas are preferred habitat for dominant fish. Further mapping of benthic habitats in relation to predator and urchin abundance along the coast may clarify the significance of boundary and habitat area effects.
Importance of habitat mapping
The fundamental role of physical and biogenic habitats in determining what species occur in an area and their abundance is well-established. Thus, habitats can be used as surrogates of biodiversity in selecting areas as part of an MPA network (e.g. Dalleau et al., 2009; Harborne et al., 2008b; Parnell et al., 2006; Thrush et al., 2001; Ward et al., 1999) , and quantifying available fish habitat (Ortiz and Tossot, 2008) . In contrast to the inbuilt use of maps in land management, marine monitoring rarely includes changes in areal extent of habitats, perhaps because it has been assumed that these will not change significantly. Remarkably, previous studies on MPA have not quantified habitat or biotope change as indicators of ecosystem change. We were fortunate that scientists mapped the reserve's biotopes at the time it was created, although none of the changes now known were then predicted (Ballantine, 1989; Langlois and Ballantine, 2005) . Our study shows the replacement of one biotope by another, which may have further consequences for biodiversity in the area. Other biotopes may also have changed but not been so evident. For example, in other MPA, in the absence of trawling and dredging, a rich epifaunal and infaunal community may recover that promotes sediment stability, retention of fine particles and silt, and creates a patchy muddy seabed (Thrush and Dayton, 2002; Kaiser et al., 2006) . Megafauna such as crabs and fish may disturb the sediment by digging for prey or burrows for shelter, and thereby increase habitat diversity. Marine Reserves provide the best control for discovering how fishing and species interact to modify habitat and thus influence ecosystem structure. However, these benefits to conservation and scientific understanding of ecosystems can only be quantified if habitats are mapped.
Consequences of habitat change
Increased biodiversity is expected with the development of seaweed communities, because they provide three-dimensional habitat structure for mobile species (Anderson and Millar, 2004; Gratwicke and Speight, 2005; Willis and Anderson, 2003) , increased surface area for sessile species, and additional food supply for grazers and detritivores. Over 73 species of mobile epifauna, primarily amphipod and isopod crustaceans, are associated with 10 species of brown algae in the study area (Taylor and Cole, 1994) . Where phytoplankton production may be low, kelp may be an important source of carbon for invertebrates , which in turn are food for fish. Indeed, in the absence of fish, even grazing amphipod crustaceans can significantly reduce kelp in the study area (Newcombe and Taylor, 2010) . Thus, in some locations, Urchin Barrens may decrease fish production due to both loss of habitat and kelp-derived food. Thirty years of monitoring at the nearby Tawharanui Marine Reserve suggest that lobster biomass first increased once released from fishing, and secondarily when the kelp forest was restored (Grace, unpublished data) . The consequences of fishing induced benthic trophic cascades for fishery production appear unstudied.
The density, biomass and estimated productivity of mobile macrofauna associated with seaweed biotopes (alga turf, Carpophyllum, and kelp) has been found to be several times greater than in Urchin Barrens (Table 5 ). These measures of biodiversity will have been decreased due to the trophic cascade in fished areas. This indicates that stage (4) of the trophic cascade proposed by Langlois and Ballantine (2005) has been reached. Future studies could investigate if species richness has also increased in the reserve, both as a product of new habitat, and greater area of seaweed dominated reefs. However, it is possible that this would be difficult to detect considering the small area of the reserve in relation to species dispersal, and habitat heterogeneity.
Fishing indirectly reduces parasite burdens by reducing fish density and the abundance of older fish (which tend to harbour more parasites than young fish) (Wood et al., 2010) . Increasing species density in the reserve will facilitate parasite and disease transmission, forces that have been shown to affect ecosystem structure through their impacts on keystone species, such as diseases in sea urchins in the Caribbean, Mediterranean, NW Atlantic and California (Lafferty 2004; Sala et al., 1998; Steneck 1998) , and digenean trematodes on grazing gastropods in the NW Atlantic (Wood et al., 2007) . Fishing has also been implicated in the reduced diversity, prevalence and abundance of parasites on coral reef fish (Lafferty et al., 2008) . While parasites and diseases have not been studied in the area, future surveillance needs to be vigilant for such developments. Indeed, pathogens may become a significant influence on the abundance of species as their host density increases at any trophic level. For example, an amphipod that burrows into older kelp plants, sometimes resulting in their death, can be abundant in the study area (Haggitt and Babcock, 2003) .
Additional changes may yet arise should the abundance of mega-predators, such as cetaceans, large sharks, fur seals and sea lions increase, as was the case in pre-human times (Childerhouse and Gales, 1998; McGlone, 1989) . Fur seals have returned to the region in the past few years as part of a northward recovery of formerly fished populations (pers. obs.), and up to eight individuals have been seen in the reserve at one time (Ivan Blackwell, Glass Bottom Boat, pers. comm.). The present reserve may be too small to accommodate megapredator populations, but if other conservation measures allow these species to increase in the region, then we may find further change in ecosystem structure due to trophic interactions. Alternatively, it may be that the large area over which these predators roam, and increased body size, age structure, and diversity of their prey in the ecosystem, may mean that these predators will not alter the trophic pyramid further. For example, the older demersal fish that contribute most to egg production, may also avoid predators better than the more numerous young fish.
Just as the changes observed to date were not predicted when the reserve was created, we make the above predictions with caution. Unexpected findings are not uncommon in ecology, especially where complex trophic interactions are involved (Doak et al., 2008) . While 30 years is a significant time, and amongst the longest time-series for a marine reserve, it is within the generation-time of many marine species, including the top predators. Most fish populations take over 15 years to recover from over-fishing (Hutchings, 2000; Molloy et al., 2009) , and Russ and Alcala (2004) found that after 18 years fish biomass was still increasing in two Phillipine reserves such that full recovery may take decades. The recovery stages proposed here are intended to create new research hypotheses. Different responses to fishing should be expected in different locations, reflecting how the local environmental conditions control the abundance of species. Thus, while the findings of the present study may be replicated elsewhere, they cannot be extrapolated to the entire coast. Biodiversity, in terms of both variety of species and biogenic habitats, can buffer against change due to disturbances whether natural or human in origin (De Ruiter et al., 2005; Tilman et al., 2006) . Emerging threats include invasive species of crabs, seaweeds, bivalves and tunicates that are expanding their distribution in the region. These species would provide new food, predators, and/or habitat in the reserve, and may compete with native species for resources. However, we will only be aware of ecosystem changes, and be able to design experiments to explain them, if we have distribution maps of communities and their habitats, and continue ecological monitoring. Comparisons between no-take marine reserves and adjacent areas will further the understanding of how human activities directly impact individual species and habitats, and how indirect impacts happen through changes in ecosystem functioning and structure. Tables   Table 1. Description of habitats and biotopes in this study. Numbers in descriptions are indicative rather than absolute, and taken from previous studies (Parsons et al., 2004; Shears et al., 2004) . Biotopes were determined by identification of the dominant species. The ‗ Shallow Carpophyllum' and ‗ Mixed algae' habitats were both components of Ayling's (1978) -Shallow broken rock‖ habitat. ‗ Urchin barren' was called -rock flats‖, and ‗ alga turf' was called ‗ sediment covered rock flats' by Ayling (1978) . ‗ Crustose coralline' is an adaptation from -Cobbles‖ in Ayling (1978) and Shears et al. (2004) .
Biotope ( Almost entirely monospecific stands of mature Ecklonia radiata. Densities can vary from sparse Ecklonia forest (<50% cover) to dense Ecklonia forest. Underlying substratum is often covered with coralline algae. Bryozoans, hydroids, sponges and ascidians can live under the canopy. Urchins are rare but can be very dense on the edge of the forest. Rock can be flat or broken; it can also be possible to find an ephemeral layer of sand below the canopy resulting from the movement of sediment during a storm. Sponge Garden (SG) > 10 Thick layer of fine sand overlying the rock. Sponges visually dominant.
Urchins are totally absent. Ecklonia radiata may be sparsely present in the less deep areas. This habitat usually occurs on reef/sand interface. It is however a highly patchy and transitional habitat between areas of reefs and coarse sand ripples. Deep Reef (DR) > 18 Dominance of the sponges. Ecklonia radiata are sparse (<50% cover).
Urchins are uncommon or absent. As the -Sponge flat‖, this habitat can be very patchy. Usually found on high relief rocks such as greywacke, where sand can not settle. Cobbles and crustose coralline algae (CC)
All
Mainly dominated by the crustose form of coralline algae, usually represented on drifts of small boulders and cobbles (<0.5 m diam.), it can sometimes occur on flat rocks. Large brown algae settlement is rare, but patches of Ecklonia radiata or Carpophyllum sp. can occur around crevices. Urchins are absent or rare. Sediment (SED)
Coarse sand and shell hash that has formed ~10cm high ripples. Debris such as dead worm casts often fills the concave part of the sand ripple. Shell and gravel are integrated in this habitat. Sand and shell gravel covered flat rock (SF)
A thin layer of sand on a flat hard substratum. Sometimes the rock appears as the sediment moves, but the period of exposure is usually not long enough to permit settlement on its surface. These areas can quickly change between a sediment and rock appearance after storms. 
APPENDIX: Details of survey methods
The coastline was digitised from aerial photographs geo-referenced with a Garmin ETREX handheld Global Positioning System (GPS) receiver. The seabed topography, and the boundary between the rocky reef and sand, were distinguished using a Humminbird 987-C SI Side Scan Sonar. This acoustic survey comprised of 73 transects perpendicular to the shore with a swath of 100 m at each side of the sonar, separated by approximately 75 m to ensure overlap, and 34 transects with a swath of 50 m parallel to the coast ( Figure A1a ). These transects were positioned in the field using a Humminbird chart plotter GPS receiver on the 19th and 21st April 2006 and the 7th of May 2006. The total area surveyed was approximately 714 hectares. A digital video footage from the display screen of the side scan sonar recorded seabed imagery aswell as position, depth and time. Consecutive still images were then extracted from the video, georeferenced and finally overlayed on the map. In deeper waters, side scan sonar surveys give an accuracy of +/-10m for the discontinuity between rocky reef and sediments. In water less than 15 m deep, the accuracy was estimated to be less than 10m. However, overall accuracy was limited by the georeferencing error of 5 to 7 m.
Aerial photographs were obtained on 16 th June 2006 during settled weather and calm sea conditions with no wind or swell ( Figure A1b ). The co-occurrence of low water with a high angle of the sun (10:29 a.m) provided an optimal visual penetration into the water. The aircraft used had a camera port in the floor to provide approximately vertical photographs, that were later georeferenced. The shallow habitat boundaries were traced from the aerial photographs to a depth of approximately 10 -12 m, and about 100 m from the shore. These habitats were verified by snorkelling to 10 m depth. It was possible to cover approximately 500 m of coastline in 2 hours with two snorkellers. The snorkellers recorded information on waterproof paper on which the coastline and the expected habitat contours were drawn. Particular landmarks on the shore were used for orientation and to locate the habitats on the map. A towed manta-board was used to validate information from the sonar and map habitats in deeper waters (>12 m), particularly in the more topographically complex parts of the reserve on the 9th and 10th June 2006. This rapid survey method allowed a greater distance to be covered than by scuba. The manta-board consisted of a simple flat piece of marine plywood attached to a bridle with a thin tow line attached to the stern of a boat. A scuba diver was towed at about 2 knots 50 m behind the boat and noted the time when the habitat changed on a waterproof writing pad attached to the board. The diver and the crew of the boat had synchronised stop-watches and the geographic position was recorded, using a Garmin ETREX handheld GPS receiver on the boat every 30 seconds. The diver observations could be positioned on the map by correcting the positions by the layback distance between the diver and boat.
Habitats were mapped using Drop Down Video (DDV), comprised of a Sony video camera with a wide angle lens mounted in a simple, robust housing built from a recycled scuba cylinder and plexiglas sheet material. The angle of the housing was set at ca. 45°. A weight was attached 1 m below the housing and a series of floats were attached above the housing. When the bottom weight touched the sea floor the housing would rotate in a semi-circle allowing a view of the habitat surrounding the drop site. The area of the benthos observed could also be increased by bouncing the unit along the bottom for a short distance. We left the video on the bottom for approximately 1 min in locations chosen using the sonar images. This video sampled: all the major physical habitat types; areas where it was likely that habitat boundaries were not currently covered by the survey; reef areas where major biological boundaries were likely to occur; boundaries between the high relief and low relief rocks; and boundaries between rock and sediment substrata. A total of 195 drops with 1-minute on the seabed were sampled on 7 th , 10 th and 13 th May 2006, along transects separated by 150 m ( Figure A1c ). Video analysis recorded the relief of the seabed, and the presence and relative abundance of the major habitat forming flora and fauna, including algae Carpophyllum spp., Ecklonia radiata (C. Agardh) J. Agardh, articulated coralline algae Corallina sp. (coralline turf), and encrusting coralline algae; sea urchins Evechinus chloroticus; and the sponges Cliona celata (Grant, 1826) , Ancorina alata (Dendy, 1924) , and Raspailia sp. 
